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Baltic SeaCoastal sediments play a fundamental role in processing anthropogenic tracemetal inputs. Previous studies have
shown that terrestrial organic matter (OM) is a significant vector for tracemetal transport across the land-to-sea
continuum, but little is known about the fate of land-derivedmetal-OMcomplexes in coastal sediments. Here,we
use a comprehensive set of sediment porewater and solid-phase analyses to investigate how variations in terres-
trial OMdelivery since the 1950s have influenced tracemetal accumulation and diagenesis in a human-impacted
boreal estuary in the northern Baltic Sea. A key feature of our dataset is a strong correlation between terrestrial
OM deposition and accumulation of metal-OM complexes in the sediments. Based on this strong coupling, we
infer that the riverine input of terrestrial metal-OM complexes from the hinterland, followed by flocculation-
induced settling in the estuary, effectively modulates sedimentary trace metal sequestration. While part of the
trace metal pool associated with these complexes is efficiently recycled in the surface sediments during diagen-
esis, a substantial fraction is permanently buried as refractory metal-OM complexes or through incorporation
into insoluble sulfides, thereby escaping further biological processing. These findings suggest that terrestrial
OM input could play a more pivotal role in trace metal processing in coastal environments than hitherto
acknowledged.
© 2018 The Authors. Published by Elsevier B.V. This is an open access article under the CC BY license
(http://creativecommons.org/licenses/by/4.0/).esearch Unit, Ecosystems and Environment Research Program, Faculty of Biological and Environmental Sciences, University of
. This is an open access article under the CC BY license (http://creativecommons.org/licenses/by/4.0/).
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Excess human-induced trace metal(loid) (henceforth simply re-
ferred to as trace metals) loading to aquatic environments may entail
serious risks to coastal ecosystems and human health due to their toxic-
ity, persistence and effective bioaccumulation in food chains (Rainbow,
2007; Rainbow and Luoma, 2011; Yi et al., 2011; Amato et al., 2015;
Richir and Gobert, 2016). Due to the intensive urbanization along coast-
lines, human-induced trace metal input is particularly high in estuarine
and coastal aquatic environments (Nobi et al., 2010; Pan and Wang,
2012; Gao et al., 2014; Emili et al., 2016; Schintu et al., 2016). Anthropo-
genic trace metal loading results from various industrial, agricultural,
and urban activities (e.g. mining and smelting, fossil fuel combustion,
use of fertilizers and pesticides, and municipal waste incineration),
which deliver contaminants to the environment either through atmo-
spheric or aquatic input, thereby adding to the trace metal pool natu-
rally present in soils and sediments (Nriagu, 1979; Callender, 2005;
Roos and Åström, 2005; Pacyna et al., 2005; Wei and Yang, 2010).
Along with the rapid economic development after the Second World
War, massive quantities of trace metals have been released to the envi-
ronment particularly since the 1950s (Callender, 2005). Therefore,
constraining the processes that dictate the fate of tracemetals in the en-
vironment is fundamental in search of effective measures to mitigate
degradation of both aquatic and terrestrial ecosystems.
While part of the land-based anthropogenic tracemetal pool is effec-
tively retained in the catchment soils and sediments, a substantial frac-
tion is eventually carried to the coastal zone via river runoff (Callender,
2005). In rivers and streams, tracemetals are carried in dissolved, colloi-
dal or particulate form primarily in association with organic matter,
Fe\\Mn (oxyhydr)oxides and clay particles, which are ubiquitous in
the aquatic environment and possess a high metal sorption capacity
(Singh and Subramanian, 1984; Parker and Rae, 1998; Warren and
Haack, 2001; Pokrovsky and Schott, 2002; Hassellöv and von der
Kammer, 2008; Nystrand et al., 2012). In the coastal zone, these river-
borne constituents become exposed to multitudinous sorption/desorp-
tion, flocculation/deflocculation and aggregation/breakup processes,
which often lead to non-conservative behavior of tracemetals across es-
tuarine gradients (Sholkovitz, 1978; Boyle et al., 1977; Millward, 1995;
Dassenakis et al., 1997; Premier et al., 2019). In these processes, the fate
and environmental effects of associated trace metals are largely depen-
dent upon their speciation, which directly influences metal reactivity,
bioavailability, and toxicity (Passos et al., 2010; Canuto et al., 2013). In-
deed, it is widely acknowledged that the ecological consequences of
trace metals are primarily governed by metal speciation rather than
total concentration (Allen et al., 1980; Liu et al., 2008; Rainbow and
Luoma, 2011; Sundaray et al., 2011; Pejman et al., 2017). The most
harmful forms of tracemetals are free ionic species which are extremely
mobile and readily bioavailable (Sunda and Lewis, 1978; Luoma, 1983),
whereas at the other end of the spectrum, trace metals hosted in the
crystal lattice of silicate minerals are generally inert and non-
bioavailable (Tüzen, 2003). Overall, trace metal species sourced from
anthropogenic activities are more mobile than the lithogenic back-
ground pool of metals (Salomons and Förstner, 1980; Yuan et al.,
2004; Heltai et al., 2005; Passos et al., 2010) and hence more readily
enter aquatic food chains.
Estuarineflocculationandaggregationprocesses stimulate thefluxof
particulate biogenic and lithogenicmaterial and associated tracemetals
to the seabed (Boyle et al., 1977; Sholkovitz, 1978; Davis, 1984; Gibbs,
1986). As a result, sediments comprise a key sink and source of trace
metals in coastal aquatic environments, serving as a locus for storage
and redistribution of these substances (e.g. Elderfield and Hepworth,
1975). A major driver of trace metal recycling in coastal sediments is
microbially driven oxidation of OMand associated reductive dissolution
of Fe\\Mn (oxyhydr)oxides (organo-clastic reduction) (Shaw et al.,
1990; Audry et al., 2006; Tankere-Muller et al., 2007; Santos-Echeandia
et al., 2009; Prajith et al., 2016). In OM-rich coastal sediments a networkof primary and secondary diagenetic reactions linked tomineralization
of OM (Kraal et al., 2012) occurs within a few centimeters from the
sediment-water interface, inducing steep gradients in pore water O2,
pH and H2Saq levels (Canfield et al., 1993; Sawicka and Brüchert, 2017;
Silburn et al., 2017). Alongside the diagenetic remobilization of trace
metals directly associated with OM and/or Fe\\Mn (oxyhydr)oxides,
thesegradientsmayalso inducedissolutionofother reactivemetalcarry-
ing phases (Tankere-Muller et al., 2007), while trace metals hosted by
more refractory phases e.g. within crystal lattice of silicate minerals
pose little potential for post-depositional mobilization (Tüzen, 2003).
While these post-depositional processes efficiently increase porewater
trace metal concentrations near the sediment-water interface (SWI)
and enhance their efflux to the overlyingwater column (Emerson et al.,
1984; Santos-Echeandia et al., 2009; Emili et al., 2016), secondary diage-
netic reactionsmay also lead to scavenging of dissolved tracemetals by
precipitation of Fe\\Mn (oxyhydr)oxides (Rigaud et al., 2013) ormetal
sulfides (Huerta-Diaz andMorse, 1992) upon upward or downward dif-
fusion, respectively. On the other hand,mineralization of OMsummarily
releases dissolved organicmatter (DOM) into porewaters, which could
stabilize trace metals into the dissolved phase through complexation
(Santos-Echeandia et al., 2009; Charriau et al., 2011; Rigaud et al., 2013;
Dang et al., 2015; Olson et al., 2017). Taken together, these diverse post-
depositional processesdemonstrate that robust assessmentof ecological
risks posed by the sedimentary pool of tracemetals clearly requires solid
understanding of their syn-depositional speciation and diagenetic
processing.
In the context of ecological risk assessment and processing of trace
metals in estuaries, an important emerging paradigm is that dissolved
(or colloidal) organic matter plays a key role in trace metal transport
across the land-sea continuum in boreal catchments (Wällstedt et al.,
2010; Huser et al., 2011; Lidman et al., 2014). This is principally ascribed
to the strong metal complexing capacity of humic and fulvic substances
that generally constitute a major fraction of the terrestrial DOM pool
(Benedetti et al., 1996; Leenheer et al., 1998; Yang and van der Berg,
2009). Furthermore, it has been demonstrated that flocculation of
DOM in the estuarine environments may stimulate sedimentation of
metal-OM complexes derived from the terrestrial environment
(Sholkovitz, 1978; Sholkovitz et al., 1978; Wells et al., 2000; Turner
et al., 2002; Stolpe and Hassellöv, 2007; Biati et al., 2010; Samani
et al., 2014; Heidari, 2019). However, despite the putatively significant
role of terrestrial OM in trace metal transport and burial in the coastal
zone, few studies have hitherto addressed the ultimate fate of riverine
metal-OM complexes in estuarine sediments (Chakrabotry et al.,
2016). This oversight is notable since the mode of metal-OM complex
input from the terrestrial environment could effectively modulate
trace metal processing in the coastal zone. Furthermore, this key gap
in knowledge is underpinned by the current trajectory of increasing
DOM concentrations in inland surface waters in the northern hemi-
sphere (Ekström et al., 2011; Evans et al., 2012; Oni et al., 2013;
Lepistö et al., 2014), which could affect trace metal delivery to coastal
areas in the future.
In this study, we investigate how decadal-scale temporal variations
in terrestrial OM input since the 1950s have affected trace metal accu-
mulation and diagenetic processing in sediments of a human-
impacted boreal estuary in the northern Baltic Sea, where previous
studies show evidence for active flocculation (Asmala et al., 2014,
2016) and sedimentation of terrestrial OM (Jilbert et al., 2018) along
the estuarine salinity gradient. To this end, we apply a diverse set of
solid-phase and pore water analyses to four sediment cores to distin-
guish temporal changes in trace metal input from the effects of diage-
netic overprinting. Specifically, we elucidate downcore changes in
trace metal speciation using a five-step sequential extraction procedure
(modified from Tessier et al., 1979), and relate these to temporal varia-
tions in terrestrial OM input inferred from a nitrogen nitrogen/carbon
(N/C)–based binary mixing model. Moreover, we delineate potential
sources for trace metal enrichments over the studied time interval.
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2.1. Study area and sediment coring
The Finnish coastline along the Gulf of Finland is characterized by a
mosaic of islands, capes and bays, intersected by deeper channel-like es-
tuariesmainly trending fromnorth to south (Fig. 1). This heterogeneous
topography is a result of multiple glaciations that eroded the Precam-
brian peneplain (Winterhalter et al., 1981)with spatially contrasting ef-
ficiency depending on the rock type and occurrence of old fracture
zones in the bedrock (Edelman, 1949). Following its last deglaciation
by 12,500 cal. a BP, the area was successively filled by late- and post-
glacial lacustrine clays, andbrackish-watermuds,which smooth the un-
derlying topography (Virtasalo et al., 2014a).
The main focus of this study is the Storfjärden basin in the Finnish
coastal zone (Fig. 1B). The basin is part of the archipelago region of
the non-tidal Pojo Bay estuarine system, the recipient of the river
Mustionjoki (annual mean discharge 15 m3 s−1, total suspended solids
5.5 mg L−1, data from Finnish Environment Institute) that collects wa-
ters from a catchment dominated by agriculture and forestry (Fig. 1A).
The archipelago is separated from the inner estuary by the shallow sill
of the First Salpausselkä ice-marginal formation. Although continuous
estuarine circulation is observed in the inner estuary of Pojo Bay
(Stipa, 1999), the waters in the archipelago area are only seasonally
stratified due to summer irradiation. Storfjärden represents a typical
middle archipelago accumulation basin with large parts of the seafloor
being covered by recently deposited brackish-water mud (Virtasalo
et al., 2019). Accumulation of these muds mainly results from
reworking and focusing of the previously deposited clays and muds
(Virtasalo et al., 2014a). This sediment input is augmented by the deliv-
ery of local phytoplankton-derived OM, which dominates the sedimen-
tary OM pool in the area (Jilbert et al., 2018).
Sediments were collected from four stations in the Storfjärden basin
during two sampling campaigns (October 2016 and August 2017) on-
board R/V Saduria using a GEMAX™ twin-barrel short gravity corer (in-
ternal diameter 9 cm, core length 20–60 cm; Table 1; Fig. 1B). At each
station in October 2016, one of the duplicate cores was sampled for
pore water analyses and the other onewas sliced for solid-phase analy-
ses. In August 2017, Stations 1, 2, and 4 were re-sampled for pore water
analysis to monitor temporal variations in the diagenetic zonation.Fig. 1. (A) Distribution of different land cover types in the catchment area (purple line) of Pojo B
more detailed map of the Storfjärden area in the inset. The principal data of this study was obt
(2018) (see Fig. S4) are also shown (purple circles). (For interpretation of the references to co2.2. Pore water analyses
2.2.1. Sampling
Two parallel pore water sample series (henceforth referred to as
‘bulk’ and ‘sulfide’ series) were collected from each core through pre-
drilled holes (diameter 4 mm, vertical resolution 2 cm) in the
GEMAX™ core tubes using Rhizons™mounted on a purpose-built plas-
tic rack. The Rhizons™ were directly connected to polyethylene syrin-
ges, which were held open with wooden spacers to create a vacuum.
During the pore water sampling, we also collected two parallel bottom
water samples from the core tubes using the same procedure. The sul-
fide series syringes were pre-filled with 1 mL of 10% zinc acetate solu-
tion to trap the pore water sulfide as ZnS. Within 2 h of retrieval, all
samples were transferred from the syringes to 15 mL centrifuge tubes.
Subsequently, an aliquot was immediately taken from the bulk series
samples and acidified to 1 M HNO3 for elemental analysis by ICP-OES,
while the rest was used for ammonium (NH4+) measurements.2.2.2. Concentration measurements
Total sulfide (ΣS2−) concentration in the pore water was measured
spectrophotometrically (670 nm) from the sulfide series samples after
direct addition of an acidic solution of FeCl3 and N, N-dimethyl-p-
phenylenediamine (Cline, 1969; Reese et al., 2011) to sample vials.
The method is founded on dissolution of the ZnS precipitate upon acid-
ification and subsequent quantitative complexation of S as methylene
blue (Jilbert et al., 2018). A series of standard solutions of Na2S·3H2O
fixed in Zn acetate similarly to the samples were used to calibrate the
measurements through quantification of the exact S concentration in
the stock solution by iodometric titration (Burton et al., 2008). The
non-acidified bulk series samples were analyzed for pore water NH4+
concentration by spectrophotometry following methods described in
Koistinen et al. (2018). Elemental concentrations in the pore water
were determined from the acidified bulk series samples by ICP-MS
(Thermo Fisher Scientific) at Utrecht University Department of Earth
Sciences. Due to the sample acidification, Iron (Fe), manganese (Mn),
phosphorus (P), and sulfur (S) are assumed to be present as Fe2+,
Mn2+, HPO42−, and SO42−, respectively (Jilbert and Slomp, 2013). For
all of the techniques, replicate measurements of samples and standards
indicated analytical precision of b5%.ay. (B) Bathymetric map of the Pojo Bay estuarine system and adjacent coastal area with a
ained from Storfjärden coring sites (black circles). Additional study sites from Jilbert et al.
lour in this figure legend, the reader is referred to the web version of this article.)
Table 1
Sampling locations and conducted analyses.
Station Latitude (WGS 84) Longitude (WGS 84) Water depth (m) Pore water analyses Solid-phase analyses
St 1 59.880000 23.235917 16.5 October 2016
August 2017
October 2016
St 2 59.880667 23.245500 22.0 October 2016
August 2017
October 2016
St 3 59.880133 23.255750 22.0 October 2016 October 2016
St 4 59.878200 23.266517 23.0 October 2016
August 2017
October 2016
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The sediment cores retrieved for solid-phases analyseswere sliced at
1 cm resolution for the topmost decimeter and at 2 cm resolution for the
remaining length. The collected sediment slices were immediately
transferred into plastic bags and carefully sealed under water. Before
further processing, the bags were placed into a gas-tight, N2-filled
glass jar within 1 h of the sectioning and stored in the dark at 4 °C. No
visible signs of oxidation during sectioning and storage were observed.
The stored sediment slices were later frozen, freeze-dried, and homog-
enized under N2. Water content (weight %) was estimated from parallel
wet samples by weight loss on freeze-drying.
2.3.1. Carbon and nitrogen content and organic matter source
apportionment
Solid-phase contents of carbon (C) and nitrogen (N) in the sedi-
ments were analyzed by thermal combustion elemental analysis
(TCEA) at Tvärminne Zoological Station (precision and accuracy
b2.5%). For the analysis, 3–4 mg of dried and ground sediment was
weighted into tin cups and placed into an autosampler rosette. The
pools of inorganic C and N are negligible in this setting (Virtasalo
et al., 2005; Jilbert et al., 2018), hence no decalcification was conducted
and the total contents were considered equal to organic C (Corg) and N
(Norg). To quantify the proportions of terrestrial plant-derived (%OCterr)
and phytoplankton-derived OM (%OCphyt) in the Corg pool, a simple bi-
nary mixing model was applied for the molar N/C ratio assuming end-
member values of (N/C)terr = 0.04 and (N/C)phyt = 0.13 following
Goñi et al. (2003) and Jilbert et al. (2018).
%OCterr ¼
N=Cð Þsample− N=Cð Þphyt
N=Cð Þterr
− N=Cð Þphyt  100 ð1Þ
The model integrates a variety of terrestrial OM sources ranging
from freshvascular plant detritus tomore degraded soil OM into a single
end-member. This is practical since effectively all of the OM transported
by rivers passes through the soil reservoir before entering the coastal
zone, hence representing a mixture of variably degraded material
(Jokinen et al., 2018). Furthermore, the model assumes that the N/C ra-
tios of the end-members are temporally and spatially fixed and that
these values remain virtually unaltered during sedimentation and burial
of OM.
2.3.2. Total elemental contents
For the quantification of total elemental contents (S and metals) in
the solid-phase, dried and homogenized samples were subjected to a
triple-acid digestion procedure. 0.1–0.2 g of sediment was dissolved in
2.5 mL of HF (38%) and 2.5 mL of a mixture of HClO4 (70%) and HNO3
(65%) (volumetric ratio 3:2) in closed Teflon bombs at 90 °C for 12 h.
After evaporation of the acids at 160 °C, the resulting gel was dissolved
in SuprapurR 1MHNO3 and analyzed formetal contents by ICP-MS. Pre-
cision and accuracy of the analysis were b5% based on calibration to
standard solutions and checking against a quality control standard. Re-
producibility of the total extraction procedure determined by replicates
was b5% for all elements except Fe and Sn (b15%). Absolute accuracy of
the entire sample preparation, digestion, and analysis, as determined bycomparison with standard reference material ISE-921 (Van der Veer,
2006), was b15% for all elements except Pb, Cd, and As (b25%).2.3.3. Sequential extraction of metals
To investigate the solid-phase partitioning of metals, an aliquot of
0.2–0.3 g of dried and homogenized sediment was subjected to a four-
step sequential extraction procedure combining aspects of the protocols
of Tessier et al. (1979), Poulton and Canfield (2005), and Ruttenberg
(1992) (Table 2). During the first two stages (fractions F1 and F2) of
the extraction protocol, the samples were kept in a glove bag under
N2 to avoid oxidation artefacts. The extractions were conducted in cen-
trifuge tubes placed into an orbital shaker (300 rpm) to agitate the reac-
tion. Following each extraction step, the samples were centrifuged
(2500 rpm, 5 min) and the supernatant collected for analysis either by
ICP-MS (F1, F2, F4) or ICP-OES (F3). After the stage F3, the samples
were transferred to crucibles with UHQ water, taken to dryness on a
hot plate and incinerated at 550 °C for 2 h. The incinerated samples
were transferred back to centrifuge tubes using 1 M HCl, after which
the extraction procedure continued as in stages F1–F3. The residual frac-
tion F5 was quantified by subtracting the sum of the fractions F1–F4
from the total content. Finally, due to a suspected contamination, all
solid-phase Cu data from Station 3 was discarded. For both ICP-OES
and ICP-MS measurements, analytical precision was b5%. Reproducibil-
ity of the sequential extraction procedure determined by replicates was
generally better than 10%.
Following the approach of Jilbert et al. (2018), in this study we use
the terms labile/refractory to describe the chemical reactivity of metal
host phases as determined by sequential extraction, noting that in real-
ity a continuumof reactivity of such phases exists in the sediments. Spe-
cifically, we refer to phases extracted in fractions F1, F2, and F3 as labile,
whereas the fractions F4 and F5 are classified as refractory.We note that
this division differs slightly from Jilbert et al. (2018) in that the
dithionite-soluble phases (F3) are here classed as labile, whereas in
Jilbert et al. (2018) these were classed as refractory. This classification
is justified by the similar diagenetic behavior of phases extractable in
F1–F3 in the present study (Section 4.4).2.3.4. 137Cs analysis and core correlation
To locate the Chernobyl-derived peak in 137Cs activity denoting the
year 1986 in the sediment profiles, gamma spectra of the remaining
wet sediment samples from Stations 1 and 4weremeasured at the Geo-
logical Survey of Finland using an BrightSpec bMCA-USB pulse height
analyzer equipped with a well-type NAI(Tl) detector. Due to the poten-
tial post-depositional downward transport of 137Cs through bioturba-
tion and diffusion (Holby and Evans, 1996; Klaminder et al., 2012) the
depth of peak 137Cs activity (rather than the initial increase) was as-
sumed to represent the Chernobyl-derived fallout (e.g. Ojala et al.,
2017). As the aim was only to identify a relative maximum in 137Cs ac-
tivity, no further corrections were applied to the obtained profiles
(Jokinen et al., 2015). Finally, assuming a constant linear sedimentation
rate, the obtained 137Cs-based age constraints for Stations 1 and 4 were
transferred to Stations 2 and 3 via correlation of the C/N profiles
(Fig. S1).
Table 2
Sequential extraction procedure and summary of the relevant phases in each fraction. Note that due to the wide spectrum of metal-binding ligands associated with terrestrial and phy-
toplankton-derived organic matter (OM), the metal-OM complexes span over fractions F2–F4. Based on their chemical reactivity and diagenetic behavior, these complexes are classified
either as labile (F2 and F3) or refractory (F4).
Fraction Operational description Reagents Major phases References
F1 Exchangeable MgCl2 (1 M) Weakly-sorbed metal species Tessier et al., 1979
F2 Acid-soluble Na-acetate (1 M),




Tessier et al., 1979
Cornwell and Morse, 1987
Jilbert et al., 2018
F3 Reducible Na-dithionite (5 wt%),
Acetic acid (0.35 M),
Na-citrate (0.2 M), pH 4.8
Fe and Mn (oxyhydr)oxides
Labile Me-OM complexes
Poulton and Canfield, 2005
Lalonde et al., 2012
F4 Organic Heating to 550 °C,
HCl (1 M)
Refractory Me-OM complexes Ruttenberg, 1992
F5 Residual – Silicates
Pyrite
Poulton and Canfield, 2005
Inferred
– Total HF (40%)
HClO4:HNO3 (3:2 vol%)
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In order to investigate themain structures in the producedmultivar-
iate data, a principal component analysis (PCA) was conducted for the
pore water and solid-phase data using R software (R Core Team,
2017). To overcome closed sum effects typical for compositional data,
a centered log-ratio transformation was applied to all variables prior
to the PCA (Reimann et al., 2008). As a substantial fraction of pore
water Cd, Pb, and Sn concentration were below the detection limit,
these variables were excluded from the pore water PCA. Similarly, Cu
was excluded from the solid-phase PCAs due to the lack of data from
Station 3 (Section 2.3.3).3. Results
3.1. Pore water profiles
3.1.1. General diagenetic zonation
At all stations, the profiles of major pore water constituents (SO42−,
ΣS2−, NH4+, HPO42−, Fe2+ and Mn2+) display a broadly similar pattern
(Fig. 2) that conforms to the classical diagenetic zonation of coastal sed-
iments, reflecting sequential consumption of electron acceptors linked
to microbial OM oxidation (e.g. Froelich et al., 1979). A comprehensive
description of this zonation in the sediments of the Pojo Bay system
was recently provided by Jilbert et al. (2018), hence themain character-
istics are only briefly outlined below.
Since oxygen penetration in these OM-rich coastal sediments is gen-
erally restricted to the topmost 5 mm (Hietanen and Kuparinen, 2008;
Bonaglia et al., 2013), the pore water chemistry is principally dictated
by anaerobic diagenetic process. Irrespective of the sampling occasion,
ongoing diagenetic mineralization of OM is expressed in the pore
water profiles as progressive gradual downward increases in NH4+ and
HPO42− concentrations (Fig. 2). Meanwhile, systematic near-surface
peaks in Fe2+ paralleled by a subtle build-up of Mn2+ at the depth of
0–10 cm denotes organo-clastic reduction of Fe and Mn (oxyhydr)ox-
ides, respectively.
Below the front of organo-clastic reduction of Fe and Mn (oxyhydr)
oxides (henceforth referred to as the zone of OCR-Fe-Mn), accumula-
tion of dissolved sulfide is observed in the pore water coincident with
an abrupt drawdown of Fe2+ and a concave decrease in SO42− (Fig. 2).
These features indicate SO42− reduction and transition into the sulfate-
methane transition zone (SMTZ) at the depth of 5–10 cm. Within this
front, dissolved Fe pool is exhausted by sulfide due to intense SO42− re-
duction in association with oxidation of OM and upward-diffusing
methane (CH4, not measured in this study). Based on the depletion of
Fe2+ and accumulation of sulfide, the upper boundary of the SMTZ re-
mains broadly fixed between the two sampling campaigns, except forStation 1. In general, the length of the pore water profiles is insufficient
to determine the lower boundary of the SMTZ, with the exception of the
Station 2 in 2017,where it lies at the depth of 12 cm, as evidenced by the
depletion of ΣS2−.
3.1.2. Trace metal profiles
Despite considerable element-specific variation in depth distribu-
tion of porewater tracemetals depending on station and sampling cam-
paign, we can broadly distinguish two different groups of profiles
(Figs. 3 and 4A). The majority of the studied trace metal profiles in the
dissolved phase (As, Cd, Co, Cu, Ni, Pb, Sn, and Zn) generally display
highest concentrations above the SMTZ, being characterized either by
a peak at the sediment-water interface followed by an exponential de-
crease with depth (e.g. As, Cr, Ni, Sn at Station 1 in 2016) or by a pro-
nounced subsurface maximum broadly within the zone of OCR-Fe-Mn
(e.g. As, Co, at Station 3 in 2016) (Fig. 3). At the transition to the
SMTZ, the concentrations of these trace metals generally decrease to
consistently lower levels, although occasional deep enrichments are ob-
served within this zone (e.g. As and Cu, at Station 1 in 2016). This gen-
eral pattern of relatively high concentrations in the zone of OCR-Fe-Mn,
followed by a rapid drawdown at the transition to SMTZ causes these
profiles to resemble those of SO42− (Fig. 4A).
By contrast to the other trace metals, the pore water profiles of Cr
and V are generally typified by low concentrations above the SMTZ.
The concentrations of these metals increase progressively with depth,
whereby the steepest gradient occurs at the transition to the SMTZ.
This behavior causes these profiles to more closely resemble those of
NH4+, HPO42−, ΣS2− and Mn (Figs. 2, 3, and 4A).
3.2. Solid-phase profiles
3.2.1. Corg and total S profiles
Solid-phase Corg content in the sediment is generally in the range
4–5%. (Fig. 5A). Based on the N/C-based mixing model,
phytoplankton-derived OM constitutes on average ~70–85% of the Corg
pool at each station, with an increasing share due to distance from the
shore. In the depth profiles, the content of phytoplankton-derived Corg
generally increases towards the core top at all stations, whereas terres-
trial Corg exhibits amore complex pattern. Typically, terrestrial Corg con-
tent is low at the lowermost part of the cores, followed by a pronounced
interval of enhanced terrestrial OM accumulation at the core depth of
5–25 cm (around year 1970) and subsequent decrease towards the sed-
iment surface.
Solid-phase total S content generally ranges from 0.5 to 1.5%
(Fig. 5B). Downcore variations in total S are characterized by relatively
high values in the lower part of the cores (within the SMTZ), followed
by amarked upward decrease between 0 and 10 cm core depth (within


















































































Fig. 2. Downcore profiles for major constituents in the pore waters. OCR-Fe-Mn and SMTZ denote the zones of organo-clastic reduction of Fe\\Mn (oxyhydr)oxides and sulfate-methane
transition, respectively. Light brown shading illustrates the widest extent of the SMTZ (defined based on the ΣS2− and Fe2+ profiles) between the two sampling occasions. (For
interpretation of the references to colour in this figure legend, the reader is referred to the web version of this article.)
6 S.A. Jokinen et al. / Science of the Total Environment 717 (2020) 137047range 2–6. In general, Fe/S is inversely related to total S content,
displaying constantly low values within the SMTZ, followed by a sub-
stantial increase in the topmost decimeter of the cores.
3.2.2. Average speciation of metals
Based on averages over the sequential extraction data set (combin-
ing the profiles from all stations), a major proportion of the total ele-
mental content for all the studied elements resides in the most
refractory fractions F4 and F5 (Fig. 6). Specifically, F4 is the dominant
fraction for As, Co, Cu, Ni and Zn, while F5 constitutes most of solid-
phase Cd, Cr, Fe, Mn, Pb, Sn, and V.Because F3 was measured by ICP-OES, the contents of several ele-
ments in this fraction were generally below the detection limit (Co, Ni,
and V) or notmeasured at all (As, Cd, Pb, and Sn). By definition, this im-
plies that any As, Cd, Pb or Sn present in F3 appears to reside in F5 of our
sequential extraction scheme, potentially resulting in overestimation of
the residual pool of these elements. Among the quantified elements in
F3, this is a substantial fraction of solid-phase Cu (24%) and Zn (16%),
whereas it constitutes a smaller but still appreciable fraction of Cr, Fe
and Mn (5–10%), and is generally insignificant for Co, Ni, and V. Indeed,
based on the limits of quantification for Co, Ni, V in the ICP-OES mea-
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Fig. 3. Pore water trace metal profiles. Diagenetic zonation as in Fig. 2.
7S.A. Jokinen et al. / Science of the Total Environment 717 (2020) 137047content, and therefore not significantly contributing to the content of
these trace metals in F5. For As, Cd, Pb and Sn, we cannot quantify the
potential propagation from F3 to F5.
F2 constitutes a notable fraction of the solid-phase As, Cd, Pb, and Zn
pools (~20–30%), whereas it is a less significant fraction for Co, Fe, Mn,
and Ni (~5–10%) and insignificant for Cr, Cu, and Sn (≪5%). By contrast
to the other fractions, F1 is generally an insignificant fraction for all
metals except for Mn, for which it constitutes 11% of the total solid-
phase pool.
3.2.3. Downcore variations in metal speciation
Below we describe the key patterns in depth-variations in solid-
phase metal speciation with respect to the general diagenetic zonation
(Section 3.1.1) and changes in terrestrial OM input (Section 3.2.1). For
the sake of clarity, we group the metals based on the identified key pat-
terns: (1) metals exhibiting a surface enrichment in fractions F1–F3 (Fe,
Mn); (2) metals characterized by a downward sink-switch towards
more refractory phases (As, Co, Cu, Ni); (3) metals that are strongly
coupled with terrestrial Corg (Cd, Pb, Sn, Zn); metals with no marked
depth-variations in their speciation (Cr and V).
Despite the general decoupling of total solid-phase Fe and Mn, with
no marked depth-related trends in Fe, while Mn content generally in-
creases with depth, changes in their speciation within the zone ofOCR-Fe-Mn are markedly similar (Fig. 7). Specifically, both metals ex-
hibit a surface enrichment followed by downward decrease in the labile
fractions F1–F3. Within the SMTZ, however, downcore variations in Fe
andMn speciation becomemore decoupled; Fe generally displays a pro-
nounced maximum in F2 and F3 at the depth interval of enhanced ter-
restrial OM accumulation (cf. Cd, Pb, Sn and Zn), while Mn
sequestration in fractions F1–F3 shows a progressive downward in-
crease towards the core bottom. With respect to F5, accumulation of
both Fe and Mn gradually increases with depth.
Although no general pattern is observed in the depth profiles for the
total content of As, Co, Cu, and Ni, downcore variations in their specia-
tion are broadly similar (Fig. 7). Within the zone of OCR-Fe-Mn, these
trace metals behave similarly to Fe and Mn, displaying a near-surface
enrichment and subsequent decline with depth in the labile fractions
(F2 and F3).Within the SMTZ, As, Co, Cu, andNi exhibit a gradual down-
ward sink-switch primarily from the labile fractions F2 and F3 to the
most refractory fraction F5. Overall, this sink-switch is most prominent
at the transition to the SMTZ especially at Stations 2 and 4, where also
the surface-enrichment of Co and Cu in fractions F2 and F3 is most
pronounced.
A prominent feature of the solid-phase profiles for Cd, Pb, Sn and Zn
is their co-variation with terrestrial Corg with respect to both total con-
tent and speciation, the pattern being most pronounced at Stations 1
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Fig. 4. Biplots of principal component analyses for porewater constituents (A) and solid-phase contents in fractions F4 (B) and F5 (C) as well as for the total solid-phase content (D). Note
the clustering of terrestrial Corg and Cd, Pb, Sn, and Zn in F4 and in the total solid-phase content (orange ellipses).
8 S.A. Jokinen et al. / Science of the Total Environment 717 (2020) 137047and 4 (Figs. 4D, 7, and 8). Specifically, sequestration of these metals
peaks within the interval of enhanced terrestrial Corg accumulation cen-
tered around 1970s due to their increased uptake into fractions F2–F4
(Figs. 7 and 8). Superimposed on this general pattern, Cd (all stations)
and Zn (Stations 2 and 4) displays a prominent near-surface enrichment
in F2within the zone of OCR-Fe-Mn,which is decoupled fromvariations
in terrestrial Corg content.
Finally, solid-phase Cr and V profiles display negligible depth-
variability neither in the total content nor in the speciation.
4. Discussion
4.1. Inferred speciation in the sequential extraction procedure
4.1.1. Fraction 1
The MgCl2 extractable fraction F1 is thought to comprise extremely
labile, weakly-sorbed metal species that are readily released from the
sediment by ion-exchange processes (e.g. Tessier et al., 1979; Gleyzes
et al., 2002), retaining sulfides, OM and silicates virtually intact during
extraction (Tessier et al., 1979; Pickering, 1986). Although partialdissolution of carbonates and Mn oxides by MgCl2 due to pH reduction
might occur (Bordas and Bourg, 1998), we infer based on the generally
higher proportion ofMn in F1 in comparison to F2 and F3 (Figs. 6 and 7)
that such dissolution effects are not substantial. Negligible contribution
from dissolution of Mn oxides is further supported by the absence of Fe
in F1, since a decrease in pH should also trigger at least partial dissolu-
tion of Fe oxides (Pickering, 1986). Therefore, it is likely that F1 predom-
inantly comprises metal species adhered to the sediment particles by
weak electrostatic interactions, as targeted. In general, our results add
to the existing evidence that this extraction step yields low recovery
of trace metals in estuarine sediments owing to the high concentration
of cations in seawater, which occupy sorption sites (Burton et al., 2005).
4.1.2. Fraction 2
The Na-acetate extraction at low pH was originally targeted to dis-
solve carbonate-bound metals while simultaneously leaving silicate
and sulfide minerals and OM as intact as possible (Tessier et al., 1979).
Based on earlier studies in similar estuaries in the northern Baltic Sea,
Mn carbonate phases, especially rhodochrosite, are likely present in
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Fig. 5. (A) Downcore variations in terrestrial and phytoplankton-derived Corg content calculated from theN/C-basedmixingmodel (see text for details). Violet shading indicates the period
of enhanced terrestrial organic matter input around the 1970s. (B) Downcore variations in total solid-phase S content and Fe/S ratio. Diagenetic zonation as in Fig. 2. (For interpretation of
the references to colour in this figure legend, the reader is referred to the web version of this article.)
9S.A. Jokinen et al. / Science of the Total Environment 717 (2020) 137047such as siderite and ankerite are likely absent (Jilbert et al., 2018). Al-
though Yu et al. (2016), reported only partial dissolution of rhodochro-
site in 1 M NH4-acetate at pH 6, we infer that the markedly lower pH of
4.5 applied here yields a substantially higher recovery. Overall, the gen-
erally low content of carbonate minerals in the coastal northern Baltic
Sea sediments (Jönsson et al., 2005; Virtasalo et al., 2005; Savage et al.,
2010; Jilbert et al., 2018), suggest that carbonates constitute only a
minor host phase for trace metals in F2. The absence of authigenic car-
bonates is related to relatively low concentrations of dissolved inorganic
carbon in the surface sediment pore waters, which prevents precipita-
tion of Fe and Mn carbonates above the SMTZ, while the drawdown of
Fe2+ by high H2Saq levels sustains undersaturation with respect to Fe
carbonates within the SMTZ (Jilbert et al., 2018).
In addition to carbonates, other candidates for trace metal host
phases in F2 include acid-volatile sulfides (AVS) (Cornwell and Morse,
1987) and labile metal-OM complexes (Jilbert et al., 2018), both of
which are often considered as key sorbents for trace metals inorganic-rich estuarine sediments (Lion et al., 1982; Burton et al.,
2006a). Indeed, although different AVS phases may dissolve overmulti-
ple stages of sequential extraction procedures (e.g. Kheboian and Bauer,
1987; Wallmann et al., 1992; Cooper and Morse, 1998; Burton et al.,
2006b), themajority of AVS and associated tracemetals can be expected
to dissolve at the low pH of this extraction step (Cornwell and Morse,
1987; Poulton and Canfield, 2005). However, building on the work of
Yu et al. (2015) on Fe speciation in coastal Baltic Sea sediments, Jilbert
et al. (2018) demonstrated that a significant amount of easily extract-
able Fe in sediments of Pojo Bay is present as unsulfidized Fe (II) com-
plexed with OM. Assuming broadly similar partitioning between Fe
and other metals, we therefore interpret the Na-Ace extractable trace
metal pool to consist primarily of labile metal-OM complexes.
4.1.3. Fraction 3
The dithionite-citrate couple is commonly used to extract Fe andMn




















F5F4F3F2F1 F3 not measured
Fig. 6. Average metal speciation in the solid-phase. Description of the operationally
defined fractions (F1–F5) in the sequential extraction procedure is given in Table 2. Note
that because F3 was measured by ICP-OES, the contents of several elements in this
fraction were generally below the detection limit (Co, Ni, and V) or not measured at all
(As, Cd, Pb, and Sn).
10 S.A. Jokinen et al. / Science of the Total Environment 717 (2020) 137047and Jenne, 1970). In our sequential extraction scheme, Na-dithionite so-
lutionwas buffered to pH4.8with acetic acid andNa-citrate (Mehra and
Jackson, 1958), which is a commonly used mixture to extract highly re-
active Fe (oxyhydr)oxide phases such as ferrihydrite, lepidocrocite, goe-























































Fig. 7.Downcore variations inmetal speciation. Description of the operationally defined fractio
wasmeasured by ICP-OES, the contents of several elements in this fraction were generally belo
zonation (as in Fig. 2) and the interval of enhanced terrestrial organic matter input (as in Fig. 5generally dissolve more easily than Fe oxides (Chao, 1972), the quanti-
tative recovery of Fe (oxyhydr)oxides in this extraction step (Raiswell
et al., 1994; Poulton and Canfield, 2005) implies effective recovery
also for Mn (oxyhydr)oxides. Accordingly, effective dissolution of both
Fe andMn (oxhyhydr)oxides is evidenced by the strong correlation be-
tween Fe and Mn in F3 (rs = 0.76, p b 0.001) despite their general
decoupling in other fractions. This coupling suggests, together with
the peaks in Fe and Mn contents in F3 in the near-surface sediments
within the zone of OCR-Fe-Mn (Figs. 2 and 7), that Fe and Mn
(oxyhydr)oxides are the predominant trace metal host phases in F3. In
addition to Fe and Mn (oxyhydr)oxides, labile metal-OM complexes
(Lalonde et al., 2012) and AVS that potentially escaped dissolution in
the first two extraction steps might also contribute to the trace metal
pool in F3 (Jilbert et al., 2018). Of these two candidate host phases, labile
metal-OM complexes are likely quantitatively more important for the
reasons already outlined for F2 (Section 4.1.2).4.1.4. Fraction 4
Because strong oxidizing agents conventionally applied to extract
OM-bound trace metals tend to at least partially oxidize pyrite (e.g.
Gleyzes et al., 2002), we used incineration at 550 °C followed by
leaching with 1 M HCl to extract this fraction (Ruttenberg, 1992). We
note that the heating likely results in loss of structural water from clay
minerals (Ball, 1964), but this is not expected to mobilize trace metals.
Likewise, the potential thermal decomposition of siderite and rhodo-
chrosite at this temperature (Weliky et al., 1983) is not relevant here,
since these phases are likely to dissolve in the earlier stages of our se-
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Fig. 8. (A) Downcore variations in C/N ratio, terrestrial Corg content, andmetal speciation at Station 1. Aluminium-normalized total metal contents (Me/Al) are also shown. (B) Cross plots
of Fe/Al ratio and Zn content in fractions F1, F2, and F3 versus terrestrial Corg. The interval of enhanced terrestrial organic matter input as in Fig. 5A.
11S.A. Jokinen et al. / Science of the Total Environment 717 (2020) 137047Of concern to our interpretations, however, is the fate of pyrite dur-
ing the incineration step, since this mineral often provides an important
vector for trace metal sequestration in sulfidic sediments (Huerta-Diaz
and Morse, 1992; Morse and Luther III, 1999; Scholz and Neumann,
2007), and some studies suggest thermal decomposition or direct oxi-
dation of pyrite around 500 °C (Hu et al., 2006 and references therein).
To assesswhether the pyrite-bound tracemetals dissolved in F4, we can
compare the tracemetal contents in this fractionwith the profile of total
solid-phase S,which provides a first-order estimate for pyrite content in
the sediments of Pojo Bay (Jilbert et al., 2018). The comparison shows
that the trace metals with the strongest reported affinity to pyrite,
such as As, Co, Cu and Ni (Huerta-Diaz and Morse, 1992; Morse and
Luther III, 1999; Scholz and Neumann, 2007) are generally decoupled
from total S (Fig. S2). Therefore, we infer that pyrite is not significantly
contributing to the trace metal pool in F4, and that this pool is likely
dominated by refractory metal-OM complexes that were not recovered
in fractions F1–F3. The pivotal role of OM as a trace metal host in F4 is
further supporter by the PCA analysis, where PC1 explains N50% of thetotal variance in this fraction, effectively dividing the trace metals into
two groups largely based on their co-variation with either terrestrial
or phytoplankton-derived OM (Fig. 4B).
4.1.5. Fraction 5
The residual fraction F5 was originally suggested to contain trace
metals hosted by detrital silicate minerals, refractory sulfides, and po-
tentially by refractory OM (Tessier et al., 1979). The bulk of this trace
metal pool is likely derived from the crystal lattice of silicate minerals,
(Carral et al., 1995; Heltai et al., 2005), as clearly illustrated by the
near 1:1 match between Cr content in F5 and total Al (rs = 0.93,
p b 0.001). In addition, as opposed to F4, the coupling between total
solid-phase S content and trace metals generally typified by a high de-
gree of pyritization (As, Co, Cu, and Ni) in F5 (Figs. 4C and S3; Huerta-
Diaz and Morse, 1992; Morse and Luther III, 1999; Scholz and
Neumann, 2007) signals that a marked fraction of the F5 pool of these
elements is associated with pyrite. In contrast, we find no evidence for
coupling between trace metals in F5 and the contents of
12 S.A. Jokinen et al. / Science of the Total Environment 717 (2020) 137047phytoplankton-derived or terrestrial Corg (Figs. 4C and 7), implying neg-
ligible contribution from refractory OM in this fraction.
4.2. Temporal variations in trace metal (Cd, Pb, Sn, and Zn) sequestration
driven by atmospheric fallout and terrestrial OM input
Although our study sites are located in the vicinity of the former
Koverhar steel factory (Fig. 1b), we find no unambiguous evidence of
enhanced trace metal input originating from this local point source. In-
stead, we infer that the observed temporal variations in the trace metal
solid-phase accumulation, specifically the interval of significantly aug-
mented sequestration of Cd, Pb, Sn, and Zn (Fig. 7) reflects a regional
signal from the Pojo Bay catchment. Evidence for this is provided by
the followingobservations: (1) the interval of intensified tracemetal ac-
cumulation is observed consistently throughout the estuary, with de-
creasing amplitude towards the outer archipelago (cf. Jilbert et al.,
2018; Fig. S4); (2) no clear gradient in the solid-phase trace metal con-
tent is observed along our study transect away from the factory (Fig. 7);
(3) the trace metal contents at the study sites are approximately equal
to the typical values along the Finnish coast of the Gulf of Finland (c.f.
Vallius, 2009). Accordingly, it was recognized already in the 1970s
that the trace metal pollution originating from the Koverhar factory is
spread heterogeneously in the adjacent sediments (Luotamo and
Luotamo, 1979). Therefore, we henceforth interpret the observed tem-
poral variations in the trace metal input predominantly in the context
of regional anthropogenic forcing.
Further clues to the source of enhanced delivery of Cd, Pb, Sn, and Zn
can be gleaned from studies of the history of heavy metal pollution in
Finnish lakes. The comprehensive studies by Verta et al. (1989) and
Mannio et al. (1993) showed that the input of Cd, Pb and Zn (Sn was
not included in these studies) to lake sediments in southern Finland is
predominantly sourced from long-range atmospheric transport. The
human-induced atmospheric heavy metal input peaked in the 1970s
due to intensive combustion of fossil fuels and usage of leaded gasoline
(Rühling and Tyler, 2001), and the effects of this intensified fallout are
consistently recorded both in lake sediments in south-central Finland
(Verta et al., 1989; Hakala and Salonen, 2004; Meriläinen et al., 2010)
and in coastal sediments off southern Finland (Virtasalo et al., 2014b;
Jilbert et al., 2018; Jokinen et al., 2018). The consistency between the re-
cords is a manifestation of the large-scale atmospheric fallout pattern
thatmodulates heavymetal sequestration into lake sediments through-
out Scandinavia (Skjelkvåle et al., 2001). Furthermore, despite the scar-
city of data for Sn content in sediment records of northern Europe, this
trace metal is strongly enriched in aerosols (Byrd and Andreae, 1986),
being largely derived from anthropogenic sources such as metal
smelting and combustion processes (e.g Bjerregaard and Andersen,
2007). Taken together, it is reasonable to assume that the synchronous
increases in the total solid-phase content of Cd, Pb, Sn, and Znwere con-
nected to the peak in human-induced atmospheric fallout in the 1970s.
The temporal variations in the accumulation of Cd, Pb, Sn, and Zn
sourced from atmospheric fallout appear intimately coupled to terres-
trial OM input including the coincident peaks around the 1970s
(Figs. 4D, 7 and 8). To explain this linkage, it should be noted that the
vast majority of riverine OM input to Finnish estuaries operationally
classifies as DOM (Mattsson et al., 2005; Jilbert et al., 2018), which is a
mixture of colloidal and truly dissolved material (e.g. Nystrand et al.,
2012). Considering the strong affinity of trace metals to DOM, and spe-
cifically to humic substances (Benedetti et al., 1996; Leenheer et al.,
1998; Yang and van der Berg, 2009), this intimate association suggests
that terrestrial OM could provide an important vector for trace metal
transport along the land-sea continuum. Accordingly, we posit that con-
currently with the intensified atmospheric deposition of these trace
metals in Scandinavia in the 1970s (Rühling and Tyler, 2001), their de-
livery from the catchment soils and lakes to the Pojo Bay estuary was
substantially augmented by effective metal-OM complexation
(Pokrovsky and Schott, 2002; Huser et al., 2012; Lidman et al., 2014,2017; Broder and Biester, 2017; Levshina, 2018). Analogously to terres-
trial OM, it is likely that these metal-OM complexes are carried in the
riverwater predominantly in dissolved/colloidal form. Potential sources
for the accentuated DOM supply in the 1970s include urbanization
(Aitkenhead-Peterson et al., 2009; Gücker et al., 2016) as well as inten-
sified land use practices both in agriculture (McTiernan et al., 2001;
Mattsson et al., 2005) and forestry (Kortelainen et al., 1997; Laudon
et al., 2009; Schelker et al., 2012). In addition to these factors, effluents
from pulp and paper milling on the shores of Lohjanjärvi peaked in the
1970s, as evidenced by a pronounced peak in sedimentary resin acids in
the south-eastern part of the Lake (Heikkinen, 2000). This implies that
large amounts of lignin and other organic compounds derived from
paper and pulp industry were discharged to the receiving waters (in-
cluding Pojo Bay) prior to the establishment of activated sludge plants
in the 1980s (Katko et al., 2005). Collectively, we conclude that all
these factors combined to induce a pronounced maximum in the
input of terrestrial OM to the Pojo Bay in the 1970s.
The enhanced export of DOM in the 1970s in this system implies that
intensified human activity outweighed the effects of atmospheric sul-
fate deposition, which also peaked broadly at the same time (Schöpp
et al., 2003) and has been shown to stabilize DOM through proton-
induced neutralization of its net charge (Ekström et al., 2011; Evans
et al., 2012). Similar overriding effects of land use changes on DOM ex-
port are corroborated by thefindings of Yu et al. (2015), who observed a
substantial increase in DOM input to a nearby boreal estuary in the
1970s due to ditching activities in the catchment.
4.3. Sedimentation mechanisms of terrestrial OM-bound trace metals
In order to explain sediment sequestration of trace metal phases as-
sociated with riverine input of metal-OM complexes, a specific mecha-
nism for their conversion to the particulate pool needs to be invoked.
Accordingly, we suggest that flocculation caused by an increase in
ionic strength is a key process driving sedimentation of the riverine
metal-OM complexes upon their entrance to the estuarine brackish
water (Boyle et al., 1977; Sholkovitz, 1978; Wells et al., 2000). As
DOM flocculates due to cation-induced balancing of the net negative
surface charge (Eckert and Sholkovitz, 1976), the trace metals associ-
ated with it become passively exposed to this process (Sholkovitz
et al., 1978; Stolpe and Hassellöv, 2007; Karbassi et al., 2007; Biati
et al., 2010; Samani et al., 2014), whereby the metal-OM complexes
are transferred from dissolved (or colloidal) to particulate form. The
proposed sedimentation mechanism concurs with the work by Asmala
et al. (2014, 2016), which demonstrated effective flocculation of DOM
along the salinity gradient in the Pojo Bay estuary. Alongside DOM, an-
other important vector for riverine trace metal input are Fe (oxyhydr)
oxides, and especially ferrihydrite, which is a common weathering
product of Fe-bearing minerals in boreal regions and efficient trace
metal sorbent in the aquatic environment (Raiswell, 2011; Schultz
et al., 1987). Ferrihydrite (and the associated trace metals) effectively
sorbs to DOM (Eusterhues et al., 2008), but also itself undergoes floccu-
lation in the estuary (Jilbert et al., 2018). Consequently, trace metals in
boreal rivers and estuaries are often associated with Fe-rich organo-
mineral colloids (Stolpe and Hassellöv, 2007; Wällstedt et al., 2010;
Neubauer et al., 2013; Oni et al., 2013).
The expected linkages among riverine input of ferrihydrite, DOM,
and trace metals are manifested in the near 1:1 match between terres-
trial Corg andmetal/Al ratios of Cd, Fe, Pb, Sn, and Zn (Fig. 8). Considering
that Fe/Al provides a first-order proxy for the input of flocculated mate-
rial in the sediments of Pojo Bay (Jilbert et al., 2018), this coupling evi-
dences similar pathways of river transport and subsequent
flocculation-induced sediment sequestration in the estuary for terres-
trial OM, ferrihydrite, Cd, Pb, Sn, and Zn. Although the flocculation pro-
cesses are generally most intensive in the inner part of the Pojo Bay
estuary (Asmala et al., 2014; Jilbert et al., 2018), a substantial fraction
of the resulting suspended particulate matter is expected to be
13S.A. Jokinen et al. / Science of the Total Environment 717 (2020) 137047transported towards our study sites in the middle archipelago due to
the short residence time of the inner estuary surface waters (Stipa,
1999). Moreover, similarly to the Kalix River estuary in the northern-
most Baltic Sea, lateral transport of the flocculated material towards
the outer estuary may be enhanced by incorporation into low-density
organic-rich aggregates (Gustafsson et al., 2000). Compatible with
this, the general decoupling between total solid-phase Al and Cd, Pb,
Sn, and Zn (Fig. 4D) signals negligible contribution from suspended
siliciclastic material to the flocculation-induced settling of these trace
metals.
Based on the sequential extraction, the increase in total solid-phase
content of Cd, Pb, Sn, and Zn during the period of accentuated terrestrial
OM accumulation around 1970s can be almost exclusively attributed to
enhanced sequestration in fractions F2–F4 (Figs. 7 and 8A), which are
largely composed of metal-OM complexes as outlined in Section 4.1.
This association is also clearly demonstrated in the cross plot of terres-
trial Corg against Zn in F2–F4 for all measured samples (Fig. 8B), which
indicates that the coupling holds consistently throughout the profiles.
Furthermore, considering that DOM hosts a heterogeneous mixture of
different metal-binding functional groups with highly variable binding
affinities (Ghosh and Banerjee, 1997; Warren and Haack, 2001; Jeong
et al., 2007), it is not unexpected that terrestrially-derived metal-OM
complexes appear to reside in multiple fractions in the sediment. The
wide range of lability among the terrestrially-derived metal-OM com-
plexes is also compatible with the preferential removal of humic-like
substances from the DOM pool upon flocculation in the estuary
(Asmala et al., 2014, 2016), which carry a diverse array of metal-
sorbing functional groups (e.g. Yang and van der Berg, 2009; Baran
et al., 2019). It is also worth noting that there is element-specific varia-
tion in the trace metal speciation associated with the period of en-
hanced sequestration in the 1970s. For example, while the increase in
Zn is largely due to enhanced sequestration in F2 over this interval, Sn
uptake exclusively occurs in F4 (Figs. 7 and 8B). These observations col-
lectively concur with the reported differences in the binding strength of
Me-OM complexes, not only among different functional groups, but also
between different trace metals (Santschi et al., 1997).
4.4. Effects of diagenesis on trace metal burial and speciation
Superimposed on the temporal variations in trace metal input and
accumulation, speciation of most of the trace metals studied is affected
by early diagenetic processes. In the following, we separately
deconvolve the effects of diagenesis on trace metal speciation above
and within the SMTZ based on the sequential extraction and pore
water data. We specifically focus on the near-surface enrichment in
the most mobile fractions, and subsequent increases in the residual
trace metal pool within the SMTZ.
4.4.1. Diagenetic processes within the zone of OCR-Fe-Mn
As outlined in Section 4.1 the most plausible host phases for the ob-
served near-surface enrichments in F2 (Cd, Co, Fe, Mn, Ni, Zn) and F3
(Cu, Fe, Mn) comprise labile metal-OM complexes and Fe\\Mn
(oxyhydr)oxides (Table 2). Below the near-surface enrichment, the
generally downward decreasing trace metal content in F2 and F3
(Fig. 7) likely denotes tracemetal dissolution from these relatively labile
phases uponmicrobial OM degradation and associated dissimilatory re-
duction of Fe\\Mn (oxyhydr)oxides (organo-clastic reduction) (Shaw
et al., 1990; Tankere-Muller et al., 2007; Santos-Echeandia et al., 2009;
Olson et al., 2017). Indeed, trace metal delivery to surface sediments is
often ascribed to particulate shuttling, whereby these phases act as
prime metal carrier phases across the SWI (Algeo and Tribovillard,
2009; Little et al., 2015). This shuttling ismost likely catalyzedbyfloccu-
lation processes in the surface waters of the estuary, which convert dis-
solved and colloidal constituents to particulate form (Dagg et al., 2004).
The pore water profiles are congruent with the inferred initial trace
metal sequestration by labile OM and Fe\\Mn (oxyhydr)oxides andsubsequent dissolution in the surface sediments. Specifically, this pat-
tern of particulate shuttling is supported by the elevated trace metal
concentrations in the dissolved pool within the zone OCR-Fe-Mn
(Figs. 2 and 3). Moreover, we note that the bottom water trace metal
concentrations generally exceed the expected salinity-normalized
levels aswell as the concentrations in the local streamwaters by 1–3 or-
ders of magnitude (Table 3). Such bottom water enrichments likely re-
flect effective diagenetic recycling of the most labile trace metal carrier
phases above the SMTZ (Ingri et al., 2014), which often results in diffu-
sive efflux of trace metals to the bottomwaters in estuarine and coastal
settings (e.g. Emerson et al., 1984; Jones and Turki, 1997; Emili et al.,
2016). On the other hand, trace metal accumulation in the pore waters
within the zone of OCR-Fe-Mn also induces a downward diffusive flux
towards the SMTZ.
4.4.2. Diagenetic processes within the SMTZ
At the transition to the SMTZ a sink-switch from F2 and F3 to the re-
fractory fractions F4 and F5 is observed especially for As, Cd, Co, Cu and
Ni (Fig. 7). As a result of this diagenetic redistribution, As, Co, Cu, and Ni
display a downward increase in F5 within the SMTZ, while Cd appears
to undergo a sink-switch from F2 to F4. This contrast in the ultimate
host phases likely denotes different mechanisms of incorporation into
insoluble sulfides, as outlined below.
We infer that the sink-switching of Cd fromF2 to F4within the SMTZ
signals dissolution of Cd-OM complexes and subsequent solid-phase
uptake via CdS precipitation upon exposure to dissolved sulfide
(Rosenthal et al., 1995; Gobeil et al., 1997; Audry et al., 2006). Accord-
ingly, due to very low solubility and fast precipitation kinetics of CdS,
Cd is efficiently sequestered in this phase under sulfidic conditions,
resulting in negligible uptake into pyrite (Huerta-Diaz and Morse,
1992;Morse and Luther III, 1999; Burton et al., 2006a). Furthermore, al-
though AVS phases are expected to primarily reside in fractions F2 and
F3 (Section 4.1; Table 2), CdS exhibits exceptional stability over a wide
pH range (Kersten, 2002), implying that this phase could remain immo-
bile over the extraction steps 1–3. However, we note that these effects
of diagenetic Cd redistribution are partly masked by the temporal vari-
ability in riverine trace metal input associated with metal-OM com-
plexes, which has substantially modulated the content of Cd in
fractions F2 and F4 (Section 4.2).
In contrast to Cd, we suggest that the gradual downward increase in
As, Co, Cu, and Ni in F5within the SMTZ reflects their progressive incor-
poration into pyrite, which is consistent with previous studies on trace
metal sequestration in sulfide-bearing sediments (Huerta-Diaz and
Morse, 1992; Scholz and Neumann, 2007; Morgan et al., 2012). The
sink-switch from labile phases to pyrite is most prominent at Station
2, where a marked increase in As, Co, Cu, and Ni contents in F5 occurs
at the expense of fractions F2 (As, Co, Ni) and F3 (Cu) at the transition
to SMTZ (Fig. 7). Importantly, this conversion coincides with the
depth interval of effective pyrite formation as implied by a synchronous
increase in solid-phase S content and a decrease in Fe/S ratio (Fig. 5b).
These observations conform to the relatively slow reaction kinetics of
As, Co, Cu, andNi for monosulfide precipitation, which drives their pref-
erential incorporation into pyrite upon exposure to dissolved sulfide
(Huerta-Diaz and Morse, 1992; Morse and Luther III, 1999; Sternbeck
et al., 2000; Müller, 2002; Oueslati et al., 2018). Among the studied
tracemetals, the diagenetic uptake into pyrite is expected to bemost ef-
fective for As (Huerta-Diaz and Morse, 1992), concurring with the par-
ticularly strong coupling between As in F5 and total S (Fig. S3).
The presence of pyrite-bound trace metals in F5 signals particularly
strong association between the tracemetals and the host phase. Indeed,
recent investigations have shown that pyrite hosts trace metals either
within its crystal structure (e.g. Ni, Co) or as sulfide micro- or
nanoinclusions (e.g. As, Cu; Large et al., 2009, 2014; Deditius et al.,
2011; Gregory et al., 2015). Consistent with these suggestions, strong
bonding between trace metals and pyrite has been explained by initial
adsorption onto surface of freshly-formed pyrite, followed by
Table 3
Trace metal concentrations in seawater (salinity-normalized) and local streams. All values are given in nM.
Medium As Cd Co Cr Cu Ni Pb Sn V Zn
Bottom watera 33.4 0.5 2.2 33.5 76.5 52.3 3.3 12.9 37.2 4560
Sea water (salinity-normalized)b 5.1 0.1 0.005 1.1 0.3 1.4 b0.001 b0.001 3.4 1.0
Local stream watersc 10.7 0.2 5.1 4.8 23.6 17.0 1.1 13.8 58
a Average of the measured bottom water concentrations in this study.
b Depth-averaged ocean concentrations (Sarmiento and Gruber, 2006) normalized to ambient salinity.
c Local stream water concentrations reported in Lahermo et al. (1996).
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growth (Schoonen, 2004; Scholz and Neumann, 2007). In this context,
our findings add to the existing evidence that pyrite constitutes an im-
portant permanent sink for As, Co, Cu, and Ni in sulfide-bearing
sediments.
Despite the incorporation of As, Cd, Co, Cu, and Ni into insoluble sul-
fides, the pore water data points to inefficient removal of these trace
metals from the pore waters within the SMTZ (Fig. 3). Similar trace
metal behavior has been reported from other sulfidic settings, where
unexpectedly high tracemetal solubility at non-negligible dissolved sul-
fide levels has been linked to the formation of dissolved metal-
polysulfide complexes (Gobeil et al., 1987; Huerta-Diaz et al., 1998;
Wang and Tessier, 2009; Dang et al., 2015), metal binding with DOM
(Gobeil et al., 1987; Charriau et al., 2011; Lourino-Cabana et al., 2014),
and to metal-sulfide-DOM ternary interactions (Hoffmann et al.,
2012).We do not have data for pore water DOM, but to a first-order ap-
proximation,we assume that its concentration broadly follows theNH4+
and HPO42− profiles, hence increasing progressively with depth upon
degradation of OM (e.g. Burdige and Zheng, 1998), with the steepest
gradient at the transition to the SMTZ (Brodecka-Goluch and
Łukawska-Matuszewska, 2018). The implied downward increase in
the availability of binding sites provided by DOM potentially stimulates
formation of soluble metal-DOM complexes in the pore waters within
the SMTZ (Charriau et al., 2011; Rigaud et al., 2013; Dang et al., 2015;
Olson et al., 2017). Specifically, formation of strong organic ligands,
such as thiols upon interaction between organic molecules and dis-
solved sulfide (Zonneveld et al., 2010) could catalyze trace metal mobi-
lization within the SMTZ (Huerta-Diaz et al., 1998). This concurs with
the findings of Charriau et al. (2011) who used a combination of se-
quential extraction experiments and thermodynamic equilibrium cal-
culations to demonstrate that despite the extremely fast MeS
precipitation kinetics of Cd, Pb, and Zn,metal-DOM interactionsmay re-
tain these trace metals dissolved in the pore water in the presence of
dissolved sulfide. Finally, we note that alongside DOM-induced increase
in trace metal solubility, deep dissolution of Fe\\Mn (oxyhydr)oxides
coupled to anaerobic oxidation of methane (Beal et al., 2009; Egger
et al., 2015) or persistent organo-clastic reduction (Jilbert et al., 2018)
may increase the dissolved trace metal pool within the SMTZ, as sug-
gested by theprogressive downward increase in porewaterMn concen-
tration (Fig. 2).
4.4.3. Trace metal pools unaffected by diagenesis
Of the studied trace metals, the speciation of Cr and V remains
largely unaffected throughout the solid-phase profiles (Fig. 7). Both of
these elements principally reside in the residual fraction (Fig. 6), being
in agreement with previous studies on sedimentary trace metal specia-
tion in other coastal settings (Yuan et al., 2004; Passos et al., 2010; Yu
et al., 2014; Emili et al., 2016; Bastami et al., 2017). The largely inert be-
havior of Cr during diagenesis is consistent with its structural and elec-
tronic incompatibility with pyrite and the generally weak ability of Cr3+
to form insoluble sulfides (Morse and Luther III, 1999; Kim et al., 2001;
Burton et al., 2006a). Instead, Cr readily substitutes for Fe andMgwithin
the crystal lattice of clay and ferromagnesian minerals (e.g. Francois,
1988; Hild and Brumsack, 1998). Similarly to Cr, V is not effectively
scavenged from aqueous solutions by Fe-sulfides (Algeo and Maynard,
2004), while it readily replaces Al in octahedral sites of clay minerals(Breit and Wanty, 1991). Hence, we infer that the total solid-phase Cr
and V contents in the studies sediments are principally dictated by the
input of siliciclastic material, as illustrated by their strong correlation
with total Al (rs= 0.90, p b 0.001 and rs= 0.80, p b 0.001, respectively).
However, we note that the increasing concentrations of dissolved Cr
and V at the transition to the SMTZ (Fig. 3), suggest subtle diagenetic ac-
tivity for these elements. Analogously to the other trace metals
(Section 4.4.2), this mobilization within the SMTZ could be related to
complexation with organic and/or sulfide ligands, or deep dissolution
of Fe\\Mn (oxyhydr)oxides upon to anaerobic oxidation of methane
or persistent organo-clastic reduction.
Alongside Cr and V, refractory metal-OM complexes (F4) constitute
a quantitatively important trace metal pool that remains largely unaf-
fected by diagenetic processes. Excluding the diagenetic increase in Cd
(Section 4.4.2), this is manifested in the markedly constant trace
metal levels in F4 both above and across the transition to the SMTZ
(Figs. 6 and 7). Considering that the organic ligands that host the trace
metals in refractory metal-OM complexes in F4 likely comprise a mix-
ture of functional groups derived from both terrestrial and autochtho-
nous sources (Bianchi et al., 2004), it is remarkable that Cd, Pb, Sn,
and Zn in this fraction are specifically coupled to terrestrial Corg
(Fig. 4B). As such, sequestration of these trace metals into F4 appear to
capture changes in terrestrial OM input despite the effects of diagenesis.
5. Implications and conclusions
Despite thewide recognition pertaining to the strong affinity of trace
metals to humic substances in the aquatic environment (e.g. Reuter and
Perdue, 1977; Mantoura et al., 1978; Schnitzer and Kerndorf, 1981;
Davis, 1984; Benedetti et al., 1996; Leenheer et al., 1998; Tipping et al.,
1998; Weng et al., 2002; Gustafsson et al., 2003; Yang and van der
Berg, 2009; Baran et al., 2019) and to the importance of metal-OM com-
plexes in land-to-sea transfer of tracemetals (e.g. Pokrovsky and Schott,
2002; Stolpe andHassellöv, 2007;Wällstedt et al., 2010; Oni et al., 2013;
Stolpe et al., 2013; Lidman et al., 2014, 2017; Wang et al., 2017;
Levshina, 2018), only a few previous studies explicitly attribute trace
metal accumulation in estuarine sediments to terrestrial OM delivery
(Fukushima et al., 1992; Krupadam et al., 2003; De la Rosa et al., 2011;
Yu et al., 2014; Chakrabotry et al., 2016). In this context, an important
implication of this study is that terrestrial metal-OM complexes not
only play a key role in trace metal delivery to estuarine waters, but
could also exert a first-order control on trace metal sequestration in
coastal sediments. We suggest that this persistent association between
terrestrial OM and trace metals from hinterland freshwater environ-
ments to estuarine sediments may be more common than previously
thought, as evidenced by the generally observed non-conservative re-
moval of dissolved/colloidal terrestrial OM and associated trace metals
into particulate form through flocculation and aggregation processes
during estuarine mixing (Sholkovitz, 1978; Wells et al., 2000; Turner
et al., 2002; Stolpe and Hassellöv, 2007; Biati et al., 2010; Samani
et al., 2014; Heidari, 2019). Such an oversight could simply result from
the fact that most studies on trace metal sequestration in estuarine set-
tings only consider the bulk sedimentary OM pool and neglect source
apportionment (Wassermann et al., 1998; De la Rosa et al., 2011).
Another key finding of this study is that the sedimentation of
terrestrially-derived metal-OM complexes fundamentally affects
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with a relatively low binding strength is effectively recycled in the sur-
face sediments above the SMTZ, with the ultimate fate of either efflux to
the bottom waters or permanent burial upon downward diffusion and
subsequent sequestration into insoluble sulfide phases. By contrast, a
major fraction of the trace metal input associated with terrestrial OM
enters the estuary and the sediments in the form of particularly refrac-
tory metal-complexes (F4), which appear to undergo negligible diage-
netic mobilization. Combined, these findings imply that although
metal-OM complexation potentially augments land-to-sea transport of
anthropogenically-sourced trace metals, a substantial fraction of this
trace metal pool is permanently buried in the sediment. As such,
flocculation-induced sedimentation of terrestrial metal-OM complexes
in these estuarine sediments constitutes a substantial long-term sink
for trace metals, thereby serving as a potential buffer against anthropo-
genic input from the catchment.
Finally, our results suggest that despite the effects of diagenetic re-
distribution, the ultimate sediment sequestration of Pb, Cd, Sn, and Zn
in the Pojo Bay estuary is likely proportional to the anthropogenic load-
ing from the hinterland. The current trace metal levels in these sedi-
ments are on a declining trajectory, but yet remain elevated above the
geochemical background, as evidenced by the substantially lower con-
tents at the base of the studied cores (Fig. 7). However, considering
that the least reactive fractions F4 and F5 dominate the sedimentary
trace metal pools, the modern trace metal contents are not expected
to pose substantial environmental risks.
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